The article presents the behavior of phenoxy acids in water, the levels in aquatic ecosystems, and their transformations in the water environment. Phenoxy acids are highly soluble in water and weakly absorbed in soil. These highly mobile compounds are readily transported to surface and groundwater. Monitoring studies conducted in Europe and in other parts of the world indicate that the predominant phenoxy acids in the aquatic environment are mecoprop, 4-chloro-2-methylphenoxyacetic acid (MCPA), dichlorprop, 2,4-dichlorophenoxyacetic acid (2,4-D), and their metabolites which are chlorophenol derivatives. In water, the concentrations of phenoxy acids are effectively lowered by hydrolysis, biodegradation, and photodegradation, and a key role is played by microbial decomposition. This process is determined by the qualitative and quantitative composition of microorganisms, oxygen levels in water, and the properties and concentrations of phenoxy acids. In shallow and highly insolated waters, phenoxy acids can be decomposed mainly by photodegradation whose efficiency is determined by the form of the degraded compound. Numerous studies are underway on the use of advanced oxidation processes (AOPs) to remove phenoxy acids. The efficiency of phenoxy acid degradation using AOPs varies depending on the choice of oxidizing system and the conditions optimizing the oxidation process. Most often, methods combining UV radiation with other reagents are used to oxidize phenoxy acids. It has been found that this solution is more effective compared with the oxidation process carried out using only UV.
Introduction
Herbicides from the phenoxyalkane acid group are the oldest yet still widely applied weed control agents. The main active ingredients in herbicide formulations include derivatives of phenoxyacetic acid: 4-chloro-2-methylphenoxyacetic acid (MCPA) and 2,4-dichlorophenoxyacetic acid (2,4-D) and phenoxypropionic acid (mecoprop (MCPP) and dichlorprop (DCPP)), and, less frequently, phenoxybutanoic acid derivatives (2,4-dichlorophenoxybutanoic acid (2,4-DB) and 4-chloro-2-methylphenoxybutanoic acid (MCPB)). These compounds contain a substituted aromatic ring linked with a carboxylic acid residue via an ether bond ( Fig. 1 ). Carbonchlorine bonds and carbon-methyl group bonds in the aromatic ring are important structural elements that influence the reactivity and lipophilicity of phenoxy acids. The C-Cl bond is highly stable due to the coupling of chlorine atom electrons with π-electrons of the aromatic ring. Mecoprop and dichlorprop are chiral compounds consisting of two isomeric molecules (S and R enantiomers) that differ in the spatial arrangement of atoms. The R enantiomer is the only biologically active enantiomeric form of mecoprop and dichlorprop Müller and Buser 1997) .
Mecoprop and dichlorprop are present in many formulations as enantiomerically pure compounds mecoprop-P and dichlorprop-P; however, racemic mixtures are still being used. MCPA, 2,4-D, (R)-mecoprop, and (R)-dichlorprop formulations are selective herbicides that are used in crop fields (in particular cereals), orchards, and meadows, as well as forests, gardens, and water bodies (as salts and esters) (Li et al. 2003; Kwan and Chu 2004; US EPA 2005; Matamoros et al. 2012; Yuzir et al. 2013; Song 2014; NIPC 2015; Peterson et al. 2016) . The structure and activity of these compounds are similar to those of the natural hormone indole-3 acetic acid (IAA) (auxin) (Roberts et al. 1998; Venkov et al. 2000; Buss et al. 2006; Mithila et al. 2011) . At higher concentrations, phenoxy acids induce rapid, uncontrolled growth of dicotyledonous plants, which leads to plant death (Holland et al. 2002; Chu et al. 2004; Cassanego et al. 2010; Song 2014; NIPC 2015; Islam et al. 2017) .
Phenoxy acids are produced in three forms: salts (alkaline, amine), esters, and acids. All forms are soluble in water, but salts exhibit the highest solubility (follow Tayeb et al. 2011) . Phenoxy acid salts and acidic forms dissociate in water and form anions of parent phenoxy acids. In turn, the hydrolysis of esters depends on time and pH value (Waite et al. 2002) . Due to their high solubility in water and low sorption in soil, phenoxy acids are characterized by high mobility in soils, especially in sandy soils with low organic matter content. Therefore, they can penetrate to groundwater and surface water (US EPA 2005; Hiller et al. 2010; PPDB 2013; Sanchis et al. 2014; López-Piñeiro et al. 2019 ). However, the ability of phenoxy acids to penetrate the groundwater level is limited by their relatively high degradation rate (Boivin et al. 2005) . Their content in water varies because it is dependent on various factors, including the contamination source and its distance from water and soil, climatic and geological factors, herbicide type, and frequency of application. Phenoxy acid concentrations in groundwater are substantially lower than that in surface water (ng-μg L −1 ) (Kolpin et al. 2000; Thorling et al. 2012) . Ground and surface water are sources of drinking water. Phenoxy acids are endocrine active compounds that are absorbed from the gastrointestinal tract into the human body. Drinking water containing phenoxy acids is a significant health risk. This problem occurs in countries that have limited water resources, as well as in the case of the use of inefficient purification processes, such as open aeration and filtration (Jørgensen and Stockmarr 2009) . The European Commission (EC) has set limits for pesticides in groundwater, which are 0.1 μg L −1 for the compound or its metabolite and 0.5 μg L −1 for the sum of parent compounds and their metabolites (Scheidleder et al. 1999; EC 2006) , while EC has not yet set limits on the content of phenoxy acids in surface waters. Concentration limits in these waters concern hazardous priority substances whose presence in the waters of the countries of the Community should be constantly monitored and to which the phenoxy acids are not included. Directive 2008/105/EC of the European Parliament and of the Council (European Union 2008) has provided information that the EC is considering the possibility of including mecoprop in the list of priority substances. Until now, in no EC regulation on environmental water quality, there is no confirmation that mecoprop has been classified as a priority substance. As previously mentioned, surface waters are sources of drinking water. Therefore, in the literature of monitoring of surface waters, examples of comparison of concentrations of phenoxy acids in these waters with a limit set for drinking water can be found. According to the US EPA (2015), the maximum concentration of 2,4-D in drinking water should not exceed 70 μg L −1 .
Phenoxy acid levels in groundwater and surface water
The problem of water contamination with organic compounds is continuously monitored in most EU countries. In 2008, groundwater purity from 23 European countries was compared. Mecoprop (13.4%), MCPA (7.9%), dichlorprop (4.9%), and 2,4-D (3.7%) were the most ubiquitous phenoxy acids (Table 1) . In some samples, the concentrations of mecoprop and dichlorprop exceeded 0.1 μg L −1 (EA 2003; EHS 2005; Loos et al. 2010) . In Poland, a water monitoring survey carried out in agricultural areas near Wrocław (Sadowski and Kucharski 2006) revealed that MCPA, MCPP, and 2,4-D were present at concentrations ≥ 0.1 μg L −1 in approximately 7%, 1.5%, and 0.8% of the analyzed samples. In the work of Buczyńska and Szadkowska-Stańczyk (2005) , MCPA, MCPP, and 2,4-D concentrations in groundwater also exceeded 0.1 μg L −1 . Metabolites of phenoxy acid are also present in groundwater. In Denmark, 2,4-dichlorophenol was found in 10% of the analyzed samples (Juhler and Felding 2003) . In Ireland, 4-chloro-2methylphenol (4-C2MP) was the most common contaminant (26% of samples), whereas 2,4-dichlorophenol was less frequently noted (around 13% of samples) (Richards 2013) . The concentrations of 4-C2MP were below 0.1 μg L −1 in most of the analyzed samples, whereas 2,4-dichlorophenol concentrations did not exceed the limit for drinking water. Loos et al. (2009) Zertal et al. 2004) exceeded the EU (European Union) limit, and mean concentrations were estimated at 0.022 μg L −1 and 0.015 μg L −1 , respectively (Loos et al. 2009 ). In Poland (Krzyżanowski 2008; Sadowski et al. 2009; Sadowski et al. 2014 Glozier et al. 2012) , the USA (Ensminger et al. 2013; DaSilva 2016) , and Australia (Schult 2016) .
Seasonal differences in phenoxy acid levels in water are primarily associated with the frequency and timing of herbicide treatments in agriculture. They also depend on herbicide doses and climatic factors (Comoretto et al. 2008) . Raina et al. (2011) reported higher concentrations of mecoprop, 2,4-D, and MCPA in spring and summer months. In Poland, herbicides containing MCPA and 2,4-D are applied in spring and autumn, and these compounds are most frequently detected in water samples collected during these seasons (Ignatowicz and Struk-Sokołowska 2004; Sadowski and Kucharski 2006; Sadowski et al. 2009 ). Phenoxy acid concentrations may also fluctuate naturally across the seasons of the year. In the temperate zone, these compounds may accumulate in surface waters (such as lakes) in winter due to lower biodegradation rate (low water temperature) and lower efficiency of photolysis (short day).
Biodegradation
Microbial degradation plays a significant role in phenoxy acid transformations in water. Phenoxy acids are degraded by aerobic and anaerobic bacteria. The efficiency of biodegradation is determined by the properties of the decomposed compound and factors that influence microbial growth, including water temperature, pH, oxygen, phosphorus, and nitrogen concentrations (Nesbitt and Watson 1980; Ghassemi et al. 1981) . In comparison with surface water, groundwater is characterized by constant temperature, relatively low content of organic matter and bacteria (10 2 -10 4 cells mL −1 groundwater and 10 3 -10 6 cells g −1 sediment) (Albrechtsen and Winding 1992; Dobbins et al. 1992; fallow Tuxen 2002) , and higher content of dissolved mineral compounds (Satora and Kaczor 2006) .
The adsorption by bottom sediments influences the availability of herbicides for microorganisms and also has an impact on the level of their content in water. The content of organic matter and the type, quantity, and pH of mineral components in sediments play key roles in phenoxy acid adsorption onto sediments. The accumulation of phenoxy acids in sediments is also determined by their form, concentration, and solubility, as well as water pH. The phenoxy acids are characterized by low or medium hydrophobicity and, therefore, have low capacity for accumulation in bottom sediments (Caux et al. 1995; Gamhewage et al. 2019 ). According to Albrechtsen et al. (1996) , the number of microorganisms in sediments is one of the factors that determines whether effective degradation of organic compounds will be possible. In the studies of Levi et al. (2014) , it has been proved that degradation of mecoprop and dichlorprop at environmentally relevant concentrations (1 μg L −1 ) may occur in bottom sediments. The degradation process of these compounds stimulated the addition of oxygen. It was found that 14 C-mecoprop was mineralized up to 27% with oxygen concentration of 1.4 mg O 2 g −1 dw (dry weight) sediment. It was shown that dichloroprop was less degraded than mecoprop. Bottom sediments can consume oxygen, e.g., for oxidation of Mn(II) or Fe(II) (Tuxen et al. 2006; Levi et al. 2014 ), and in that way limit the availability of oxygen needed for biodegradation.
Biodegradation is often preceded by the adaptation of microorganisms to the presence of phenoxy acids in the environment (lag phase period). The degradation rate in the adaptive period is minimal. In a study by Meylan and Howard (1991) , a lag phase for dichlorprop lasted several months, whereas Klingt et al. (1993) observed the lag phase of 35-40 days for mecoprop in groundwater. Mixtures of mecoprop and dichlorprop enantiomers may undergo biodegradation with two lag phases during which bacteria adapt to different optical isomers (Zipper et al. 1999) . The lag period is shorter when the biodegradation process involves bacteria that had previous contact with phenoxy acids (de Lipthay et al. 2000; Toräng et al. 2000) . According to the literature, chlorophenols are the primary products of phenoxy acid degradation (2,4-dichlorophenol for 2,4-D and dichlorprop) under aerobic conditions, whereas 4chloro-2-methylphenol (4-C2MP, also known as chlorocresol and p-chloro-o-cresol (PCOC)) is the primary product of MCPA and mecoprop degradation US EPA 2007) . Aerobic biodegradation of mecoprop and dichlorprop is dependent on their composition, i.e., whether these compounds occur as pure enantiomers or racemic mixtures. The rate at which enantiomerically pure compounds or their racemic mixtures are decomposed can differ for each enantiomer under various conditions (Casas et al. 2017) . In a study analyzing aerobic biodegradation of racemic dichlorprop in sewage, the (S)-isomer was decomposed at a faster rate than the (R)-enantiomer (Zipper et al. 1999) . In contrast, the (R)-isomer was degraded at a faster rate than the (S)-isomer in marine water (Ludwig et al. 1992 ). Buser and Müller (1998) demonstrated that (R)-mecoprop can be converted to (S)-mecoprop and (R)-dichlorprop can be converted to (S)-dichlorpop. Changes in the quantitative ratio of the (R)-isomer to the (S)-isomer of mecoprop were also reported by Heron and Christensen (1992) and Zipper et al. (1998) . The biodegradation process of MCPB is different. The first biodegradation step involves β-oxidation during which the MCPB hydrocarbon chain is shortened by 2 carbon atoms to produce 2-methyl-4-chlorophenoxyacetic acid (Smith and Hayden 1981) .
Microorganisms have to slowly adapt to the presence of phenoxy acids in aquatic environments. One of the adaptive mechanisms involves the expression of the gene encoding the synthesis of enzymes that decompose the pollutant. For example, the presence of 2,4-D induces the transcription of tfdA genes in aquatic microorganisms (Batıoglu-Pazarbaş et al. 2012; Batıoglu-Pazarbaş et al. 2013 ). These genes encode dioxygenases, the main enzymes that participate in aerobic degradation of aromatic compounds. In the presence of dioxygenases, 2,4-D is transformed to 2,4-dichlorophenol (de Lipthay et al. 2002) . The quantitative and qualitative composition of aquatic microflora is modified by its exposure to mixtures of herbicides.
Mixtures of herbicides can affect both the number of water microflora and also modify its qualitative composition. De Lipthay et al. (2003) analyzed the influence of an herbicide mixture (containing mecoprop and dichlorprop) on microbial diversity in sediments and groundwater in the water-bearing horizon under aerobic conditions. Sediment and water samples were collected from segments of the water-bearing horizon exposed to low herbicide concentrations (< 40 μg L −1 ) as well as non-exposed segments. The presence of a heterogeneous population of phenoxy acid-degrading microorganisms in samples exposed to a mixture of herbicides has been found. In addition, in the species composition of these microorganisms, the share of bacteria from the genus Pseudomonas has increased.
According to the literature, phenoxy acids are stable under anaerobic conditions (Harrison et al. 1998; Albrechsten et al. 2001; Albrechsten et al. 2003) , and if they are decomposed, the degradation process is very slow (Walters 1999; Howard 1991) . The 2,4-dichlorophenol (DCP) metabolite is also decomposed more slowly under anaerobic conditions than in the presence of oxygen. Bacteria have fewer sources of energy under anaerobic conditions, which decreases the efficiency and rate of anaerobic degradation. Many studies investigating the efficiency of biodegradation in environment with limited oxygen access were conducted in the water-bearing horizon (Rügge et al. 1999; Arildskov et al. 2001) . The top layer of the water-bearing horizon may contain limited amounts of oxygen from infiltrating rain water, but deeper strata are progressively deficient in oxygen (Pedersen et al. 1991; Pedersen 2000) . For this reason, degradation processes in the water-bearing horizon are determined by redox conditions and the availability of electron acceptors other than oxygen for microorganisms, including nitrates(V), sulfates(VI), and Fe 3+ . In a study by Zipper et al. (1999) , 2,4-D was decomposed under anaerobic conditions, but no decomposition was reported for mecoprop and dichlorprop. In an oxygen-deficient environment, 2,4-D was degraded due to breakage of the hydrocarbon chain or dechlorination. The by-product of dechlorination is 4chlorophenoxyacetic acid (4-CPA) which is synthesized when a chlorine atom is substituted with a hydrogen atom (Boyle et al. 1999; Stotzky and Bollag 2000) . Anaerobic bacteria utilizing various electron acceptors differ in their potential to degrade phenoxy acids. Larsen and Aamand (2001) observed low levels of mecoprop degradation in water samples from the water-bearing horizon under denitrification or methanogenic conditions. Mecoprop was not decomposed in groundwater from aquifer under sulfur-reducing conditions. Williams et al. (2003) investigated whether microbial degradation of mecoprop was an enantioselective process and whether redox conditions influence the stereochemistry of biodegradation. They analyzed groundwater samples from a landfill in Lincolnshire Limestone (UK) and observed that redox conditions were responsible for differences in the proportions of (R)-and (S)-isomers of mecoprop. In samples collected from sites situated 500-900 m from the landfill, which were characterized by nitrate(V) and Fe-reducing conditions, the (S)-isomer was predominant in the enantiomer mixture. Samples collected from aerobic water deposits situated 1000-2650 m from the landfill were characterized by higher concentration of the (R)-isomer and reduced levels of the (S)-isomer. In the most remote site, the concentrations of both enantiomers were identical. In water samples collected further than 3000 m from the landfill, where sulfate(VI) reducing conditions were present, the content of the (S)-isomer clearly exceeded the concentration of the (R)-isomer. The results of the field study were confirmed in a microcosm test in a laboratory. Both enantiomers were degraded under aerobic conditions, but the (S)isomer was degraded significantly faster (zero-order reaction rate constant = 1.9 mg L −1 day −1 ) than the (R)-isomer (zeroorder reaction rate constant = 1.32 mg L −1 day −1 ). However, in the presence of nitrates(V), degradation of the (R)-isomer occ u r r e d ( z e r o -o r d e r r e a c t i o n r a t e c o n s t a n t = 0.65 mg L −1 day −1 ). The energy gain of bacteria utilizing nitrates(V), sulfates, and Fe 3+ differs. The gain is highest for denitrification bacteria which therefore have a higher potential for degrading phenoxy acids.
The concentration of the compound is one of the factors that affects the course of microbiological degradation (Janniche et al. 2010 ). Toräng et al. (2003) reported a significantly higher rate of mecoprop degradation in aerobic samples from the water-bearing horizon with high initial concentrations of mecoprop (25-100 μg L −1 ) than in samples where initial mecoprop levels were low (1-10 μg L −1 ). These studies (Toräng et al. 2003) show that there is a certain threshold concentration different for phenoxy acids (2,4-D and MCPP) below which the growth of the microbial population is latched. The effect of this is the constant and slow degradation rate of the phenoxy acid. Such degradation is also a characteristic at low concentrations of these compounds. The activity of bacteria in relation to individual phenoxy acids, even of similar structure, is not identical. Therefore, the threshold concentration value shows differentiation for different bacterial strains and also depends on physicochemical properties of water (Gözdereliler 2012) . When pesticide concentrations decrease below the threshold value, metabolic processes are too slow to provide sufficient amounts of energy for microbial proliferation. As a result, the increase in the counts of degrading bacteria is too low to initiate the degradation process (Roch and Alexander 1997) . For this reason, biological decomposition in water-bearing horizons with low phenoxy acid levels is not efficient even under aerobic conditions. In natural aquatic environment, phenoxy acids are present in concentrations lower than those used in studies of degradation of these compounds under laboratory conditions. In addition, only some types of microorganisms are adapted to use low concentrations of substrates. Therefore, degradation of the compound at low concentration levels may show differences in relation to its degradation at high concentrations (Tros et al. 1996; Gözdereliler 2012) . Literature data indicate that some indigenous bacteria belonging to oligotrophs are able to metabolize low concentrations of impurities. However, there is little information in the literature about degradation of phenoxy acids at low concentrations. Gözdereliler (2012) has isolated from groundwater sediments bacterial strains that have created an effective mechanism of degradation of MCPA, present in low concentration (1 μg L −1 ). The isolated strains b elonge d t o t he ge nera Pro t eobac teria, Achromobacter, Pseudomonas, Variovorax, Cupriavidus, and Sphingomonas. The author showed that these were bacteria whose cells contained a low molecular weight nucleic acid. Bacteria of this type are well adapted to living in oligotrophic waters (Li et al. 1995) .
Leachate from landfills can penetrate into groundwater (Klimek et al. 2010) . The result of this process is high concentrations of phenoxy acids in the water flowing out of the landfill area (Gintautas et al. 1992 ). On the way of water flow from the landfill, the concentration of phenoxy acids is reduced due to dilution and various physicochemical and biological processes. In research Baun et al. (2003) at a distance of 150 m from the landfill, the concentration of MCPP decreased from 600 to 30 μg L −1 . In studies by Tuxen et al. (2003) , the presence of phenoxy acids in groundwaters under and in the vicinity of landfill was found.
The monitoring of phenoxy acids degradation by naturally occurring microorganisms expands our knowledge about selfpurification processes in groundwater in the vicinity of landfills. Tuxen et al. (2003) analyzed the spontaneous degradation of phenoxy acids based on the results of chemical analyses of water and historical data relating to the geological structure and hydrogeological conditions in the area of the landfill in Sjoelund (Denmark). Phenoxy acids were identified and their concentrations in groundwater were determined to confirm degradation processes under field conditions. The chemical parameters of groundwater were determined in pure and polluted zones, and assessed whether the conditions present in the water samples tested are beneficial for degradation. Water was sampled from wells, most of which were situated along three transects: A, in the direct vicinity of the landfill (0 m); B, 50-60 m from the landfill; and C, 80-110 m from the landfill. Phenoxy acids were identified in samples from all three transects, and their concentrations were the highest in water samples from transect A. Phenoxy acid levels were clearly lower in the samples from the remaining two transects which contained oxygen. According to the authors, changes in phenoxy acid concentrations in the samples from transects B and C resulted mainly from aerobic decomposition. The redox conditions in transect A could have contributed to anaerobic degradation of phenoxy acids. Under anaerobic conditions, simple organic substances (acids, alcohols) are the first decomposition products of organic pollutants, and methane is the final decomposition product. Methane was not detected in the analyzed groundwater samples, but the presence of nonvolatile organic carbon (NVOC) was observed. According to the authors, NVOC constitutes additional evidence for the anaerobic degradation of phenoxy acids. Anaerobic decomposition probably played a more important role in the degradation of phenoxy acids in the samples from transect A than from transects B and C. This assumption was made based on higher NVOC levels in the samples from transect A as well as the presence of conditions that were more conducive to anaerobic degradation in transect A than in the remaining transects. The authors also conducted studies of 14 C-labeled mecoprop ( 14 C-MCPP) degradation using batch tests (microcosm). Sediment and water samples were collected at four different sites located in the area of the landfill. The degree of phenoxy acid mineralization was determined by measuring the radioactive activity of radioisotopes 14 C-MCPP and 14 CO 2 . The shortest lag phase of 15 days was noted in microcosm with the highest oxygen content (8.7 mg L −1 ). In microcosms with oxygen content of 0.3 mg L −1 and 3.1 mg L −1 , lag phases did not exceed 60 days. The longest lag phase of around 145 days was reported in the oxygen-free microcosm. In all tested microcosms, 50-60% of the introduced MCPP was converted to CO 2 .
Pesticide degradation efficiency can be improved by adding electron acceptors (oxygen, nitrates), electron donors, and nutrients for the optimal growth of degrading microorganisms (Scow and Hicks 2005) . Tuxen et al. (2006) also confirmed that the rate and efficiency of microbial degradation in a soil and water environment are stimulated by the amount of dissolved oxygen in water. The cited study was conducted in a laboratory on water samples from the water-bearing horizon. The samples were collected from openings drilled in two point sources of phenoxy acid pollution (Bornholm and Sjoelund in Denmark). The rate of biodegradation was monitored by measuring carbon dioxide levels. Shortening of the lag phase from 150 days to 5-25 days was correlated with an increase of the carbon dioxide concentration. The emission of 14 CO 2 increased to 50-70% at oxygen concentration of 7.7 mg L −1 in comparison with the emission level measured at oxygen concentration < 0.3 mg L −1 (30-50% 14 CO 2 ). The added oxygen was partially utilized to oxidize NH 4 + , NVOC, and organic matter bound to sediments, which is why its beneficial influence on herbicide decomposition was limited. Levi et al. (2014) analyzed the influence of added oxygen on mecoprop and dichlorprop decomposition in samples of anaerobic material from the water-bearing horizon and groundwater. Higher levels of mineralization were found, in particular for mecoprop, in the presence of oxygen. Oxygen enhanced degradation at concentrations below 2 mg L −1 . At high oxygen concentrations (4-11 mg L −1 ), mecoprop was mineralized in 14-27% and dichlorprop in 3-9%.
The rate and efficiency of biodegradation are determined by the abundance and activity of microbial communities in the aquatic environment. Microbial responses to phenoxy acids are very important in biological purification processes. An increase in microbial counts points to a positive response to pollutants, whereas a decrease in the size of microbial populations is an indicator of the compound's toxicity. De Lipthay et al. (2007) evaluated the influence of various doses of 2,4-D and MCPP on bacterial growth in sediments from the waterbearing horizon and the effect of the addition of trophic components on the biodegradation of the analyzed compounds in a laboratory experiment. Phenoxy acids were applied at concentrations of 1, 100, and 10,000 μg kg −1 . At concentrations of 100 and 10,000 μg kg −1 , 2,4-D and MCPP had a positive influence on bacterial abundance relative to control. Bacterial growth was the highest in response to 2,4-D concentration of 10,000 μg kg −1 . The addition of nutrients stimulated herbicide mineralization at higher herbicide concentrations, and the stimulatory effect was not observed at lower herbicide concentrations. The positive effect of trophic components on mecoprop mineralization was also reported by Bestawy and Albrechtsen (2007) .
Susceptibility of phenoxy acids to biodegradation can be increased by using a Fenton reaction (Sanchis et al. 2013) , an electrochemical process (Fontmorin et al. 2013) , or a photocatalysis (Samir et al. 2015) as a pre-treatment.
Hydrolysis
Hydrolysis is the main chemical reaction that initiates the degradation of phenoxy acid esters in aqueous systems. During the reaction, acid forms of phenoxy acids are generated from esters of MCPA, MCPB, and 2,4-D. The rate of hydrolysis is determined by herbicide structure, water pH, and temperature. Esters of alkoxylated alcohols, in particular those with an ether bond near the -COOH group, are hydrolyzed faster than esters of aliphatic alcohols. In general, the rate of hydrolytic degradation increases at higher temperature and in alkaline water (Roberts et al. 1998; Tomlin 2006; Romero et al. 2015) . Analyses of hydrolytic degradation are performed under strictly controlled temperature and pH conditions, in sterile solutions and without access to light. The half-life (DT 50 ) of a herbicide's active ingredient is calculated based on phenoxy acid concentrations measured at specific time intervals. For instance, the DT 50 value of butoxyethyl ester 2,4-D (2,4-D BEE) at a temperature of 28°C and pH 6 is 26 days, and it is significantly reduced to just DT 50 = 0.6 h at pH 9. The DT 50 values of 2-ethylhexyl ester 2,4-D (2,4-D EHE) at 25°C are 99.7 days at pH 5, 48.3 days at pH 7, and 52.2 days at pH 9 ( Table 2 ). The 2-ethylhexyl ester MCPA (MCPA-EHE) does not hydrolyze within a pH range of 5-7, whereas its DT 50 value at pH 9 is < 117 h. Ester forms of phenoxy acids exhibit higher toxicity than their acid and salt forms. 
Photodegradation
Organic compounds undergo both direct and indirect photodegradation in water (Beltman et al. 2015) . Direct photodegradation takes place when molecules absorb radiation and are promoted to an excited state. The transition to an excited state initiates homolysis, heterolysis, or photoionisation reactions which lead to compound degradation (Burrows et al. 2002) . The presence of aromatic structures in a phenoxy acid molecule determines a compound's ability to selectively absorb radiation in the short wavelength range (λ < 290 nm). According to Vione (2015) , neutral and anion forms of MCPA are characterized by a different mechanism of direct photodegradation (Fig. 2) .
It should be mentioned that solar radiation reaching the Earth's surface comprises UV radiation, primarily in the range of 290 to 400 nm (including 98% of UVA radiation with a wavelength of 315-400 nm), and UV-visible radiation (Mrzyczek 2012) . Therefore, direct photodegradation of phenoxy acids exposed to solar radiation in the natural environment is barely effective (Alhousari 2011) .
Indirect photodegradation can proceed via two mechanisms. The first mechanism is the oxidation of the compound by highly reactive particles (e.g., singlet oxygen 1 O 2 or hydroxyl radicals · OH) which are generated when another radiation-absorbing substance (the photosensitizer) reacts with water and dissolved oxygen. The photosensitizer can absorb radiation with a longer wavelength than the degraded compound. The reactions involving the photosensitizer can produce a hydroxyl radical with a high potential to oxidize compounds containing an aromatic ring. In natural water bodies, hydroxyl radicals are generated in the presence of optically active dissolved organic matter (chromophoric dissolved organic matter (CDOM)) and NO 2 − , NO 3 − , and Fe 3+ ions (Alhousari 2011) . CDOM includes dissolved organic matter (DOM) compounds with particle size below 0.45 μm that interact with solar light. As suggested by Vione et al. (2006 Vione et al. ( , 2010a , CDOM is more involved in the generation of · OH than NO 2 − and NO 3 − radicals. The effectiveness of degradation can be influenced by competitive absorption of UV radiation by NO 2 − , NO 3 − , and Fe 3+ and CDOM as well as by the compounds' ability to scavenge hydroxyl radicals (Alhousari 2011; De Laurentiis et al. 2014 ).
In the surface layers of marine and inland waters, iron (III) complexes play an important role in the generation of hydroxyl radicals. In an aqueous environment, Fe 3+ ions are hydrolyzed already at pH 3. The formation of Fe(OH) 2+ , Fe(OH) 2 + , Fe 2 (OH) 2 4+ , and Fe(OH) 3 complexes is determined by reagent concentrations and the pH of the medium. Fe(OH) 2+ ions are the most photosensitive Fe 3+ hydroxy complexes. Fe(OH) 2+ is reduced and a hydroxyl radical is generated under exposure to UV radiation (Zepp et al. 1992; Brillas et al. 2009; Brillas 2014) :
The photoreduction of Fe 3+ to Fe 2+ is a part of the photo-Fenton process (UV/H 2 O 2 /Fe 2+ system). The other two reactions of the photo-Fenton process, i.e., catalytic decomposition of H 2 O 2 induced by Fe 2+ ions (classical Fenton reaction) and H 2 O 2 photolysis, generate hydroxyl radicals (Klamerth et al. 2013; Clarizia et al. 2017 ). (Mopper and Zhou 1990) . The main intermediates from Fenton oxidation of phenoxy acids are chlorophenols. For 2,4-D, 2,4-dichlorophenol, 2-and 4chlorophenol, and 4-chlorocatechol were identified by Sanchis et al. (2013) and Serra-Clusellas et al. (2018) upon Fenton reaction. During the MCPA oxidation, 2and 4-chlorophenol and 4-chlorocatechol were also formed (Sanchis et al. 2013) . Indirect photodegradation also takes place when the energy transmitted by an excited photosensitizer (e.g., CDOM in triplet state, 3 CDOM*) promotes a compound to an excited state (Alhousari 2011) . The excited compound can later undergo similar changes to those induced by direct photodegradation (Burrows et al. 2002) .
Fe(OH) 3 and other insoluble iron species can be
Compounds that react with hydroxyl radicals relatively slowly (10 −7 to 4 × 10 −8 M −1 s −1 ) are more susceptible to direct photodegradation (Haag and Yao 1992; Alhousari 2011) . The involvement of indirect photolysis in the decomposition of phenoxy acids increases in the presence of lightabsorbing compounds (phenol, propan-2-ol) (Vione et al. 2010b) .
Phenoxy acid esters are photodegraded at a slower rate than acid forms. The DT 50 value of a sterile 2,4-D solution with pH 7 was determined at 13 days. In contrast, a 2,4-D 2-EHE ester solution with pH 5 was reduced by less than 15% after more than 31 days of exposure to light (APVMA 2006) . Similarly to biodegradation, 4-C2MP is the main metabolite in MCPA photolysis (Kelly et al. 2019) . Aaron et al. (2010) at lower concentration of 2,4-D, the 2-Cl and 4-Cl-phenoxyacetic acids are formed as photolytic products. However, when the 2,4-D initial concentration is higher, the additional product of photodegradation is 2,4-dichlorophenol.
The ratio of neutral to anion forms of phenoxy acid is dependent on the pH of the solution. These forms exhibit different absorption efficiency at various wavelengths (Vione et al. 2010b ). The differences in radiation absorption capacity are responsible for variable rates of compound degradation in solutions with different pH. DT 50 values were determined at 2.2 days (pH 5), 2.6 days (pH 7), and 2.4 days (pH 9) for MCPB, and at 19.5 days (river water) and 14 days (marine water) for MCPP. Under exposure to artificial radiation, DT 50 values were estimated at 88 min (pH 5), 69 min (pH 7), and 97 min (pH 9) for buffered MCPA solutions, at 42 days (pH 5), 44 days (pH 7), and 32 days (pH 9) for MCPP, and at 4 days (pH 7) for dichlorprop (EC 2001 (EC , 2003 (EC , 2005 Crane et al. 2007; EC 2008; Champeau and Tremblay 2013) . As mentioned previously, light with a wavelength of > 350 nm provides less radiation energy than light with a shorter wavelength. Furthermore, this type of radiation is absorbed by phenoxy acids to a lesser extent than UV radiation. The above explains the difference in half-life values in a photolysis reaction triggered by radiation with different wavelengths (González et al. 2018) .
Photodegradation and biodegradation are processes that compete in the elimination of herbicides. However, in highly insolated and ultrapure waters, photodegradation could play a significant role in the decomposition process. Chiron et al. (2009) reported a 65% reduction in MCPA concentrations in the sunlit waters of Vaccarès lagoons. Direct photolysis of MCPA led to the formation of 4-chloro-2-methylphenol (4-C2MP). The compound then underwent photonitration to produce 4-chloro-2-methyl-6-nitrophenol (CMNP) (Chiron et al. 2009 ). Advanced photochemical methods for the elimination of phenoxy acids
The efficiency of phenoxy acid phototransformation can be enhanced through exposure to UV radiation in combination with H 2 O 2 (Shu et al. 2013; Martinez et al. 2016; Semitsoglou-Tsiapou et al. 2016; Adak et al. 2019 ). Hydrogen peroxide is photolysed under exposure to UV light in an acidic environment, which leads to the generation of hydroxyl radicals ( · OH) with high oxidation potential (Klamerth et al. 2012) . Xenon-doped mercury lamps are usually used in the UV/H 2 O 2 process. The emitted light has a wavelength of 210-240 nm with a molar absorption coefficient for H 2 O 2 higher than at λ > 240 nm. The application of H 2 O 2 in coupled processes requires an acidic compound solution. Low pH reduces H 2 O 2 dissociation and inhibits the generation of hydroperoxyl anions (HO 2 − ) which strongly absorb radiation and react with hydroxyl radicals (Chang and Young 2000) .
Jafari and Marofi (2005) investigated 2,4-D photooxidation in a solution with pH 3.5 under exposure to H 2 O 2 and UV lamps with different power (Table 3 ). In solutions containing H 2 O 2 , the mineralization of 2,4-D was completed in 120 min under exposure to a 150-W lamp and in 15 min under exposure to a 400-W lamp. In turn, in the photodegradation reaction triggered by UV radiation, 2,4-D was decomposed in 19% after 8 h of exposure to a 150-W lamp and in 99.9% under exposure to a 400-W lamp. The degradation of 2,4-D was also analyzed in acidic solutions with pH 1.5, 2.5, 3.5, and 4.5. Initial degradation proceeded at a faster rate in solutions with pH 2.5 and 3.5 than pH 4.5. Regardless of the pH of the solution, 2,4-D was degraded in 99% after 8 h of exposure to a 400-W lamp.
Phenoxy acid also undergoes photodegradation in other single-phase systems where hydroxyl radicals are generated during interactions between several factors. Chu et al. (2009) demonstrated that oxygen derived from aeration in a H 2 O 2 system can have a positive effect on the rate of 2,4-D decomposition in an acidic solution (Table 3) . This effect is associated with the generation of additional amounts of · OH in a reaction between · O (oxygen radicals) and H + ions which are present at a high concentration in an acidic solution. The source of · O in the UV/H 2 O 2 /micro-aeration system was ozone homolysis at λ = 254 nm, and ozone was produced from oxygen at λ = 185 nm.
Selected organic (e.g., isopropanol) and mineral (e.g., chlorides, CO 3 2− , HCO 3 − ) compounds can stimulate or inhibit the formation of hydroxyl radicals. Chu et al. (2004) observed that 2,4-D concentrations in tap water were less reduced in the UV/ H 2 O 2 /micro-aeration system than in distilled and deionized water. Tap water contains Cl − , CO 3 2− , and HCO 3 − ions with high rate constants in the reaction with hydroxyl radicals; therefore, they may compete for hydroxyl radicals at low concentrations of organic compounds. Anion radicals generated in the reaction exhibit considerably lower reactivity than hydroxyl radicals and are, therefore, unable to oxidize organic substances (Von Sontag et al. 1997 ). Kwan and Chu (2003) demonstrated that the photo-Fenton (UV/H 2 O 2 /Fe 2+ ) method and its modified versions are highly effective in degrading 2,4-D (Table 3 ). In the modified versions, Fe 2+ was replaced with Fe 3+ ions (UV/H 2 O 2 /Fe 3+ ) in the reaction medium, and Fe 3+ and Fe 2+ oxalate complexes (UV/H 2 O 2 /Fe 2+ (oxalate) and UV/H 2 O 2 /Fe 3+ (oxalate)) were used. Iron oxalate complexes were more potent absorbers of λ > 200 nm radiation than Fenton's reagent (Fe 2+ + H 2 O 2 ) (Prousek 2001; Brillas et al. 2009 ). The photolysis of oxalate complexes was also more efficient than the UV-induced degradation of iron hydroxy complexes. After 60 min, 2,4-D was decomposed in 77% in the UV/H 2 O 2 /Fe 2+ system and in 82% in the UV/H 2 O 2 /Fe 3+ system. Reduction efficiency was similar (77.9%) in the UV/H 2 O 2 /Fe 2+ (oxalate) system and somewhat lower (73.6%) in the UV/H 2 O 2 /Fe 3+ (oxalate) system. In comparison, 2,4-D reduction rates were substantially lower after 60 min in the UV (17.9%) and UV/H 2 O 2 (33%) systems. The authors assumed that the 2,4-D decomposition rate was consistent with the kinetic model of pseudo-first-order reactions. Based on the calculated values of the degradation rate constant (k, pseudo-first-order reaction rate constant), the highest reduction rates were noted in the UV/H 2 O 2 / Fe 2+ (oxalate) (k = 2.6 × 10 −3 s −1 ), UV/H 2 O 2 /Fe 2+ (k = 1.1 × 10 −3 s −1 ), and UV/H 2 O 2 /Fe 3+ (oxalate) (k = 10 −3 s −1 ) systems. The lowest rate of decomposition was reported in the UV process (k = 8.5 × 10 −5 s −1 ) (Kwan and Chu 2003) . The data show that oxalate complexes of iron ions increased the rate of degradation compared with systems with uncomplexed iron. This could be related to the higher affinity of iron(III) ions to oxalate ligands than Fe(II) and, as a result, the lower ability of H 2 O 2 activation by Fe 3+ . An important advantage of using oxalate complexes is the prevention of iron precipitation in a wider pH range and therefore the ability to conduct the Fenton process in solutions with near-neutral pH (Conte et al. 2014) . According to Conte et al. (2016) , the pH of the solution, which significantly determines the correct course of Fenton's reaction, depends on the oxalate/iron ions ratio. For the 2,4-D oxidation process, an optimal oxalate/iron ions ratio of 10:1 was determined. At this ratio, the pH is below 6.5. The authors showed that under these conditions, Fe 3+ ions are not precipitated in the form of hydroxide, while Fe(C 2 O 4 ) 3 3− ions constitute the dominant form of ferro-silicate complexes. Similarly, studies Schenone et al. (2015) indicated that the use of ferriooxalate complex as a source of iron enables effective degradation of 2,4-D at pH 5 (Table 3) .
The photodegradation of phenoxy acids is also analyzed in two-phase systems involving UV light and a semiconductor (mostly TiO 2 ) as a catalyst (Martinez et al. 2016 ). In the UV/ TiO 2 system, radiation with energy greater than the band gap leads to the generation of free electrons and positive sites on the surface of the photocatalyst (Ahmed et al. 2011) . Hydroxyl radicals are generated when electrons are trapped by oxygen molecules, and when the positive sites of the photocatalyst react with water molecules. The efficiency of phenoxy acid degradation in the UV/TiO 2 system can decrease with a rise in pH. This is observed past the pH value at which the surface of the TiO 2 molecule is deprived of electric charge (pH PZCpoint of zero charge; TiO 2 has pH PZC 6.3), which increases the ionization of phenoxy acid. At pH > pH PZC , the photocatalyst is negatively charged, which repels the negatively charged phenoxy acid anions (Kamble et al. 2004; Kamble et al. 2006; Wu et al. 2009; Zhou et al. 2011; Rivera-Utrilla et al. 2012) . The efficiency of TiO 2 -induced photocatalysis is limited by the absorption of radiation with sufficient energy for TiO 2 excitation. The photocatalytic activity of TiO 2 is optimized under exposure to radiation in the wavelength range of 290 to 388 nm. Therefore, 2,4-D is more effectively degraded in the UV/TiO 2 system at λ > 290 nm than just in the UV process (Guillard et al. 1994) . During the photocatalytic oxidation process, 2,4-D was completely mineralized in UV/TiO 2 and UV/ZnO systems (Djebbar and Sehili 1998) and in the solar radiation/TiO 2 system (Herrmann et al. 1998) , whereas mecoprop and MCPA were completely mineralized in the UV/TiO 2 system (Fig. 3) (Topalov et al. 2000; Topalov et al. 2001) .
The recombination of electrons with photoexcited holes on the surface of TiO 2 molecules inhibits the generation of hydroxyl radicals. The effectiveness of the photocatalyst can be increased by adding, for example, H 2 O 2 or O 3 or Fe 2+ ions. According to Farre et al. (2005) , Agustina et al. (2005) , and Rajeswari and Kanmani (2009) , the addition of ozone to the UV/TiO 2 system intensifies the generation of hydroxyl radicals. Giri et al. (2008) analyzed the photoactivity of TiO 2 fiber during 2,4-D degradation (45 μM; pH~4.3) under exposure to UV radiation (λ = 254 nm) and ozone (2 mg L −1 min −1 ) ( Rivas et al. 2015) or modified with metal nanoparticles (Abdennouri et al. 2015; Lee et al. 2017 ) is also used. In this way, photocatalysts with enhanced UV activity or visible activity are obtained. Rangel-Vasquez et al. (2015) studied degradation of 2,4-D (40 ppm) in UV (intensity 4400 μW cm −2 at 254 nm), UV/TiO 2 , and UV/TiO 2 -SnO 2 (TiO 2 -doped with 0.1; 0.3; 1, 3, and 5 mol% of tin) systems. After 120 min, the degree of degradation was 29% UV, 77% UV/TiO 2 , and 65-93% UV/TiO 2 -SnO 2 ( Table 3 ).
The methods based on the use of various photocatalysts combined with the properties of carbon adsorbents, including those chemically or physically modified, are also very effective in removing phenoxy acids. Operation with a gaseous oxidizing agent is one of the modification methods that improves the acidic and alkaline properties of the surface of activated carbons (Okoniewska 2014) . Rivera-Utrilla et al. (2012) studied the degradation kinetics of 2,4-D (10, 25, 50 mg L −1 , pH 7) in the UV/TiO 2 /activated carbon system (Table 3) . A low-pressure Hg lamp with 15 W power has been used as a UV source. The studies used unmodified coals from three different producers (S, M, W) and coals that were oxidized with ozone for 30 min (WO 3-30 ) and 120 min (WO 3-120 ). In the UV/TiO 2 /activated carbon (WO 3-30 ) system, degradation was also carried out in the presence of hydroxyl radical scavengers: t-butyl alcohol, Na 2 CO 3 , Na 2 SO 4 , and Na 2 CO 3 / Na 2 SO 4 . In comparison with UV/TiO 2 , the removal efficiency in UV/TiO 2 /activated carbon systems was significantly higher. This positive effect was connected with functioning of nanocarbon as an efficient conductor, delivering the electrons to an acceptor (Langford et al. 2014) . It was shown that radical scavengers inhibited degradation in the following order: t-butyl alcohol > SO 4 2− + CO 3 2− > SO 4 2− . Photocatalytic methods are constantly being improved in order to reduce the harm to the environment and increase their efficiency. For this purpose, research is carried out using environmentally friendly and efficient light sources. In recent years, much attention has been paid to the use of LED lamps as a source of radiation in photocatalysis. Radwan et al. (2016) compared the activity of UVA/TiO 2 and UVA/TiO 2 /O 3 systems in the MCPA and 2,4-D photodegradation process.
The tests were carried out in a photocatalytic reactor equipped with LED diodes. It was shown that the UVA/TiO 2 /O 3 system was characterized by a higher activity in the degradation of both phenoxy acids from the UVA/ Topalov et al. (2001) distribution of MCPA and 2,4-D in the UVA/TiO 2 /O 3 system took place in less than 40 min. Yu et al. (2013) studied the influence of the radiation source (LED and mercury lamps) on the MCPA and 2,4-D photocatalysis process carried out using TiO 2 . The tests showed greater efficiency of MCPA and 2,4-D degradation by a TiO 2 catalyst exposed by UV LED radiation. The UV LED/TiO 2 system also showed high efficiency in removing the mixture of herbicides. The work of Rivas et al. (2015) describes the results of MCPA degradation tests using nitrogen-doped TiO 2 and TiO 2 (Degussa P-25) as a reference system. A photoreactor equipped with four LED lamps (λ = 350-400 nm) was used in the research. The efficiency of degradation of pure MCPA in the P-25 type TiO 2 system was higher compared with the TiO 2 systems modified with nitrogen. Total degradation of MCPA in the TiO 2 system (P-25) occurred after 15 min of irradiation. In the nitrogen-doped TiO 2 systems, the total decomposition occurred in 60 to 90 min and depended on the amount of admixture in the catalyst. The authors observed a favorable effect of the increase in calcination temperature in the range of 200-600°C on the photocatalytic activity of TiO 2 /N in the commercial degradation process of MCPA. The degradation efficiency with TiO 2 / N was lower compared with TiO 2 (P-25). Photocatalytic oxidation of commercial MCPA was also performed using TiO 2 samples calcined at 300°C and containing various amounts of nitrogen admixture. It was found that doping with more N increased the TiO 2 photoactivity. It was also shown that in the TiO 2 (P-25) system with the addition of O 2 , the degree of degradation of pure MCPA was greater in relation to the size of the distribution observed in the presence of the following substances: propan-2-ol, KI, tert-butyl alcohol, and oxalate. According to the authors, in the conducted experiments, MCPA underwent photodegradation mainly through reactions with hydroxyl radicals, and less important in this process were reactions with hydroperoxyl and organics radicals.
Summary
All processes that lower phenoxy acid concentrations in the water environment decrease the toxic effects of these compounds for aquatic organisms and humans. Hydrolysis, biodegradation, and photodegradation processes most efficiently reduce phenoxy acid levels in water. The efficiency of hydrolysis is determined mainly by the temperature and pH of water. Hydrolytic decomposition is observed mainly in phenoxy acid esters, whereas their acidic forms are characterized by higher hydrolytic stability. Biodegradation plays a key role in phenoxy acid decomposition in water. The rate of biological degradation is determined mainly by the qualitative and quantitative composition of microorganisms, as well as by oxygen levels in water and the properties and concentrations of phenoxy acids. In groundwater, phenoxy acid degradation involves anaerobic organisms, and the process is slower than in surface water where aerobic organisms are involved. Little is known about microorganisms that decompose phenoxy acids in water, and very few genes that encode phenoxy acid-degrading enzymes have been identified to date. Phenol derivatives are the most commonly detected biodegradation products of 2,4-D, dichlorprop, MCPA, and mecoprop. In connection with the above, it is suggested that further research is needed in order to select the microflora suitable for conducting aerobic and anaerobic biodegradation of phenoxy acids and to identify possible pathways of their degradation. Particularly little information is available regarding the degradation of phenoxy acids at low concentrations in the environment; hence, there is a need for further research in this area.
Phenoxy acids are also decomposed under exposure to sunlight. This process can play a key role in the degradation of phenoxy acids in shallow and strongly insolated waters. The results of laboratory analyses indicate that photodegradation efficiency is dependent on the form of phenoxy acids and the pH of the aqueous solution. The anionic form is more susceptible to photodegradation than phenoxy acid esters and acidic forms. The efficiency of photodegradation is also determined by the process parameters, i.e., temperature, source of radiation, radiation intensity, and wavelength. Phenoxy acids are degraded more effectively under the combined effects of UV radiation and one or combination factors (H 2 O 2 , O 2 , O 3 , TiO 2 , Fenton's reagent Fe 2+ + H 2 O 2 ) than that under exposure to UV alone. In the scientific literature, there is little information on photodegradation of phenoxy acids in natural waters under the influence of sunlight, which would also take into account the physicochemical properties of water and the importance of soluble organic matter, especially humic acids in this process.
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